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Abstract – Current projections predict an intensiﬁcation of hydrological drought as a consequence of

climate change, but we know very little about the potential effects on aquatic communities. La Baña (SW
León Province, Spain) is a mountain lake suffering from increased water seepage due to geological reasons.
This has caused since 2005 a situation of hydrological drought, with pronounced reduction of lake area in
late summer. The aim of this study was to assess the effects of this drought on the littoral macroinvertebrate
assemblage. Macroinvertebrate samples were collected in 2005 (before the drought events became
apparent), 2006 and 2014, as well as in a nearby temporary pond (only in 2014). The most evident change
shown by the assemblage at La Baña was a drop in richness values. Rarefaction curves showed that richness
in the lake in 2014 was, for an equivalent sampling effort, only slightly higher than that in the temporary
pond, and much lower than that in the lake in 2005 or 2006. However, the assemblage composition did not
shift toward a fauna typical of temporary waterbodies. The results might indicate that the resistance of the
assemblage was high enough to prevent changes in the ﬁrst moments (differences between 2005 and 2006
were small), but not after nine years of sustained summer drought.
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1 Introduction
The characteristics of freshwater ecosystems, like the
availability of water or the exposition to anthropogenic
stressors, make them particularly vulnerable to climate change
(Woodward et al., 2010). The scenarios of climate change for
the 21st century predict a widespread temperature increase
over the planet, but the projections of future changes in
precipitations are far less consistent. In general, a decline in
annual mean precipitations is expected in subtropical and midlatitude (including southern Europe) regions, especially on the
long term (Collins et al., 2013). This will lead to reduced
runoff and increased evaporation. Thus, one of the most
evident effects of climate change in certain regions will be the
reduced river ﬂows or lake water levels, that is, hydrological
drought as deﬁned by Lake (2011). That is the case of southern
and central Europe, where a tendency for drought intensiﬁcation is expected (Seneviratne et al., 2012).
Our knowledge about the effects of drought on aquatic
systems has greatly improved in the last few decades, but is
markedly biased toward river ecosystems (Lake, 2003) as
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shown by reviews on the subject (Bond et al., 2008; Lake,
2011). The information referring to standing waters is sparse
(e.g. James, 1991; Nõges and Nõges, 1999; Beklioglu and Tan,
2008), and predominantly on biotic effect (Lake, 2011).
Hydrological drought has a number of known effects on the
abiotic characteristics of waterbodies (e.g. increased conductivity, more exposure of littoral zones, reduction of plant cover,
decline nutrient inputs, etc., see Lake, 2011 for a review) which
might have implications on the biological communities.
Among these, littoral benthic macroinvertebrates are a key
component of aquatic communities as intermediate links
between producers and higher levels of trophic chains, and
have been considered good indicators of climate change or,
more speciﬁcally, of temperature increase (ČiamporováZatovičová et al., 2010). We have some knowledge about
the response of river macroinvertebrates assemblages to
drought (Boulton, 2003; Griswold et al., 2008; Boix et al.,
2010; Chessman, 2015), but very little referring lakes or ponds.
Some interesting contributions are the studies by Jeffries
(1994) about artiﬁcial ponds, Mackay et al. (2010) in estuarine
lakes or Chase (2007) and Kim et al. (2014) in experimental
ponds or mesocosms, and Gérard (2000) in a macroinvertebrate study after a several drought event, as well as the works
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Fig. 1. Location of the study area. The detailed map shows the position of Lake La Baña and of the small temporary pond next to it.

by Gérard (2001) and Balogh et al. (2008) on particular taxa.
The effects of drought on pond macroinvertebrates reported by
these authors are often reduced richness, changes in
taxonomical composition or both at the same time. However,
these studies provide partial information from particular types
of ecosystems and geographical areas. Our current knowledge
suffers from gaps or imperfections which should be solved. For
example, we know very little about the long-term effects of
drought on communities from natural lakes or ponds,
especially in mountain waterbodies.
La Baña is a mountain shallow lake in northwestern Spain
which is suffering from geologically-induced water depletion
since 2005. The most evident consequence is water-level
drawdown and reduced ﬂooded area in summer. The situation
is that of a summer hydrological drought caused by water
abstraction (Lake, 2011) and might mimic to some extent the
effects of drought induced by climate change. This can provide
us with information on the response of macrobenthic
communities to drought in a natural ecosystem, a task so
far undertaken mostly in mesocosms or artiﬁcial ponds
(Jeffries, 1994; Chase, 2007; Kim et al., 2014; but see Gérard,
2000 for a study in natural ponds). The aim of this research was
to study the response of the littoral macroinvertebrate
assemblage to a persistent hydrological summer drought in
a mountain shallow lake. Increased water level ﬂuctuations and
summer stress might create conditions similar to some extent
to those in highly ﬂuctuating (or even temporary) systems and
induce changes in the macroinvertebrate assemblage (i.e.
abundance, richness and taxonomical composition). Firstly,
some taxa might be removed causing richness to decrease, as
reported for ﬂuctuating systems (Aroviita and Hämäläinen,
2008) or subjected to drought (Jeffries, 1994; Gérard, 2000). In
fact, it is widely believed that the shorter the hydroperiod
length, the lower the richness (Spencer et al., 1999; Waterkeyn
et al., 2008). Similarly, temporary ponds are often less species-

rich than the permanent one (Nicolet et al., 2004), although
different outcomes have also been reported. For instance,
Galindo et al. (1994), in planktonic crustacean assemblages,
found higher richness values in temporary ponds whereas Boix
et al. (2008) found no signiﬁcant differences in richness of
invertebrates (crustacean and macroinvertebrates) from Mediterranean water bodies. The consequence of this loss of taxa is
that macroinvertebrate assemblages in temporary ponds are
often a subset of nearby permanent systems (Bazzanti et al.,
2000; Wissinger et al., 2016). Secondly, conditions created
during summer drought might favor species with certain
biological traits, in particular those typical of taxa inhabiting
temporary systems, as found by Chessman (2015) for river
macroinvertebrates. This can lead to a shift in taxonomical
composition. Therefore, we expected a decline in richness, a
partial taxon turnover in our study area and changes on
abundance. Such changes could make the assemblage of La
Baña (or some of its features) more similar to that of a
temporary pond.

2 Methods
2.1 Study area

La Baña is a Mediterranean mountain lake (1400 m a.s.l.)
lying on a quaternary glacial cirque in the southwest of the
province of León, in northwestern Spain (Fig. 1). It is included
in the Nature 2000 network, Birds Directive Sites ES4130024.
It is a shallow water body (maximum depth in summer usually
around 2 m) with maximum ﬂooded area seldom above 6 ha (in
springtime, after snowmelt). The littoral zone near the shore
(up to a depth of 70 cm) has a heterogeneous substrate
granulometry, including areas dominated by silt, gravel,
cobbles or boulders. Most of it is covered by sparse vegetation
dominated by Isoetes, Callitriche and Antinoria.
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Although it is a permanent system, it has experienced
extremely low water levels since summer 2005, when it almost
dried up for the ﬁrst time. The true reason for this water
drawdown is currently under research, but it is probably due to
increased water seepage caused by a geological fracture,
perhaps created by the mining activities in progress 1 km
downstream the lake. This has resulted in unusually low
ﬂooded area in late summer, as shown in Table 1, which gives
the values of ﬂooded area after snowmelt (maximum water
level), and in the ﬁrst half of September (when the water level
is at its lowest) as measured from Landsat satellite imagery.
The percentage of intra-annual area reduction (expressed in
percentage) is also provided in the table. The values of
minimum ﬂooded area were signiﬁcantly lower in the period
2005–2013 than that in 1999–2004 (ANOVA, F(1,13) = 16.6,
p = 0.001). Maximum ﬂooded area in spring, however, has not
been affected (ANOVA, F(1,11) = 0.003, p = 0.96). Therefore,
the current situation of La Baña is that of a lake subjected to
long-term, hydrological drought, which manifests itself in
reduced lake area in summer and increased annual water-level
ﬂuctuation. Physical and chemical characteristics of the lake
did not substantially change throughout the study (Tab. 2).
In the course of the research, we also sampled a small
(around 0.7 ha) very shallow, temporary pond which is 200 m
downstream the lake. The aim of this sampling was to describe
the community composition in a temporary pond in the same
area and date. This information was only intended to test
whether the characteristics of the macroinvertebrate community in the lake turned similar in some degree, after increased
summer drought, to that of a temporary system.

Table 1. Maximum and minimum ﬂooded area in La Baña from 1999
to 2013. Minimum area was measured in the ﬁrst half of September
(when the water level is at its lowest). Maximum area was measured
in April or May, after snowmelt, excepting 1999 and 2012 (images not
available).

2.2 Sampling of macroinvertebrates

Year

Conductivity
(mS/cm)

pH

Oxygen
(mg/l)

TN
(ppm)

TP
(ppb)

2005
2006
2014

10.2
9.0
9.3

NM
6.2
6.3

NM
7.3
8.2

0.09
0.44
0.68

41.20
29.04
15.20

Data were collected in Lake La Baña in June 2005, 2006,
and 2014, providing information on the situation of the lake at
three stages: before the drought set in, early stage of the
drought and current state. In all three occasions, littoral
macroinvertebrate samples were collected by kicking and
sweeping with a hand-net (FBA standard) following a
multihabitat sampling. The littoral zone (up to a depth of
70 cm) was sampled during 4 min proportionally distributed
among the dominant mesohabitats according to their area. The
same zones and mesohabitats of the lake were sampled on each
visit. Furthermore, a 1-min sampling was undertaken in the
temporary pond in June 2014 using the same technique as in
the lake. Sampling time in the pond was kept short to avoid
comparative oversampling of a waterbody much smaller and
with less habitat heterogeneity than the lake. The data taken in
each waterbody and year were pooled together to form a single
sample. Therefore, four samples have been considered in this
study: lake 2005 (L2005), lake 2006 (L2006), lake 2014
(L2014), and pond 2014 (P2014).
The macroinvertebrates were sorted out at the laboratory.
When necessary, subsamples were taken until at least 600
specimens were collected. In this case, an additional search for
new, rare taxa was made on the rest of the sample in order to get
a more accurate record of richness. Abundances were corrected
for subsampling effort to estimate total number of individuals
per sample and ﬁnally expressed as number of individuals per
minute sampling. Taxa were identiﬁed to genus level except
for Oligochaeta (to class), Diptera (mostly to subfamily), and

Year

Max. area
(ha)

Min. area
(ha)

Area reduction
(%)

1999
2000
2001
2002
2003
2004
2005
2006
2007
2008
2009
2010
2011
2012
2013

–
5.8
6.1
5.4
5.7
5.2
4.3
4.9
5.4
5.1
5.8
6.7
6.0
–
7.1

1.57
1.51
0.56
0.98
0.55
0.80
0.33
0.17
0.69
0.19
0.26
0.46
0.21
0.25
0.42

–
74
91
82
90
85
92
97
87
96
95
93
97
–
94

Table 2. Physical and chemical characteristics in La Baña during the
study period. Measurements were made in June.

NM = not measured, TN = total nitrogen, TP = total phosphorus.

Trichoptera (to tribe). Adult Coleoptera were identiﬁed to
species following Millán et al. (2014), but they were
considered at genus level for statistical purposes.
2.3 Statistical analysis

For comparisons of community composition, log-transformed abundance data (individuals per minute sampling)
were used in a Non-metric Multidimensional Scaling (NMDS)
analysis, based on Bray–Curtis similarity matrix and
performed in R version 3.1.3. The maximum taxonomical
resolution was used except for beetles, which were considered
at genus level – this same procedure was applied in other
ecological studies in the same region (Martínez-Sanz et al.,
2012; García-Criado et al., 2017).
In order to check whether differences in the taxonomical
composition were due to a replacement or to a loss of taxa, we
calculated b diversity between pairs of samples and its
partition into two components: species turnover and nestedness. Following Baselga (2010), the Sørensen pairwise
dissimilarity index was used as a measure of b diversity
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(bsor), species turnover was described by Simpson pairwise
dissimilarity (bsim), and nestedness (bnes) was calculated as
bsor bsim. To clearly summarize in a single value, the
contribution of these components to b diversity, we have
calculated the proportion of bsor corresponding to nestedness
(bnes/bsor). Nestedness analysis was made using betapart
R-package (Baselga and Orme, 2012).
Comparisons of taxon richness across sites can be
compromised by differences in sampling effort, particularly
between the pond and the lake. Therefore, a rarefaction method
was applied in order to estimate the expected richness value for
a common sample effort (Colwell et al., 2012). Rarefaction
was made on number of specimens using the software iNEXT
(Hsieh et al., 2013).

3 Results

Fig. 2. Non-metric multidimensional scaling (NMDS) ordination for
macroinvertebrate communities.

L2005 or L2006, but differences between P2014 and L2014
were mostly a result of species turnover.

3.1 Community composition

Twenty-six genera and nine higher taxa were recorded in
the study, and fourteen species of Coleoptera were identiﬁed
(Appendix). The lake was dominated by Siphlonurus and,
secondarily, by Hydroporus vagepictus and Chironominae
subfamily in any year. Siphlonurus relative abundance was
exceptionally high in 2014 with respect to previous years,
while H. vagepictus seems to show no changes over time. The
assemblage in the temporary pond differed markedly from that
of the lake and was dominated by the three subfamilies
of Chironomidae (Chironominae, Tanypodinae and Orthocladiinae) and secondarily by Agabus sp. and Helophorus
lapponicus. Non-metric multidimensional scaling (Fig. 2)
arranged the four samples in a two-dimensional space with a
ﬁnal stress of 0.0097. NMDS showed an evident difference in
community composition between the temporary pond and the
lake. No evident differences in the assemblage were found
between lake 2005 (pre-drought conditions) and 2006 (early
stage of drought). Differences in the lake were somewhat
larger between 2005–2006 and 2014, although many of the
taxa found in 2014, and all the dominant ones, were also found
in 2005 or 2006 (Appendix). Inter-annual differences were
mostly due to the apparent loss in 2014 of some taxa which
were relatively abundant in 2005 and 2006 (in particular
Erpobdella, Pisidium, Sigara, Nebrioporus carinatus and
Limnephilini, which were replaced by Stenophylacini), and to
the occurrence, although in very low numbers, of four new taxa
in 2014 (Ecdyonurus, Chloroperla, Leuctra, and Nemoura, all
them four typically rheophilic).
3.2 Species turnover and nestedness patterns

The patterns shown by NMDS were conﬁrmed by the
Sørensen dissimilarity index: dissimilarity was low between
L2005 and L2006 (bsor = 0.24) and higher (bsor ≥ 0.48) in the
rest of the pairwise comparisons (Tab. 3). Changes at La Baña
in 2014 can be mostly attributed to species turnover (when
compared to 2005) or both species turnover and nestedness (in
relation to 2006). When the above-mentioned rheophilic taxa
were removed from the analysis, differences between 2014 and
previous years were mostly (or completely for the pair
L2014–L2006) due to nestedness. Both nestedness and species
turnover equally contributed to b diversity between P2014 and

3.3 Community richness

The most evident change shown by the assemblage at Lake
La Baña was a richness decrease. In spite of the four new
genera occurring in 2014 (see above), the number of taxa
(genera or higher) recorded this year was 15, quite lower than
the values recorded in 2005 (21) or 2006 (26). The number of
taxa in the temporary pond was much lower (9), but so was the
sampling effort. In order to make the results easier to compare,
rarefaction curves according to the number of organisms
collected were constructed for all the samples (Fig. 3). An
overlap of the conﬁdence intervals for 2005 and 2006 was
observed, indicating that there were no differences in richness
between those samples. Rareﬁed richness in the lake 2014 was
only slightly higher than that of the temporary pond for the
same sampling effort, and much lower than rareﬁed richness in
2005 or 2006. The decline in richness at La Baña was very
visible within Coleoptera: 8 species/genera were recorded in
2005, 11 in 2006 and only 3 in 2014.

4 Discussion
Increasing drought is a key feature of future scenarios of
climate change in large areas of temperate regions (Seneviratne et al., 2012). The consequences on aquatic ecosystems of
such tendency are far from understood, specially on
continental standing water communities, and virtually nothing
about its effect on mountain ponds. The most common
approach to the problem has been through spatial studies
comparing ponds with varying hydroperiod. There is no doubt
that temporary and permanent ponds support different
macroinvertebrate assemblages (Jeffries, 1994; Gérard,
2000; Della Bella et al., 2005), even in Spanish mountain
areas (García-Criado et al., 2017). In general, species richness
of macroinvertebrates typically increases with increasing
hydroperiod (Collinson et al., 1995; Spencer et al., 1999; Della
Bella et al., 2005; Waterkeyn et al., 2008). From these data, we
may assume that the drought-driven desiccation of a pond or
lake will imply severe alterations of the assemblage structure,
with a substitution of taxa as well as marked decreases in
richness in most cases.
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Table 3. Pairwise b diversity (Sørensen dissimilarity, bsor) and its partition into species turnover (bsim) and nestedness (bnes). The proportion of
b diversity caused by nestedness (bnes/bsor) is also given. The values in parenthesis correspond to calculations after removing the rheophilic taxa
(Ecdyonurus, Chloroperla, Leuctra and Nemoura).
L2005

L2006

L2014

bsor

bsim
bnes
bnes/bsor

0.40 (0.18)
0.11 (0.26)
0.22 (0.59)

0.48 (0.40)

0.27 (0.00)
0.22 (0.40)
0.46 (1.00)

0.33 (0.25)
0.28 (0.34)
0.46 (0.58)

0.68 (0.65)

0.33 (0.25)
0.34 (0.40)
0.50 (0.62)

bsor

bsim
bnes
bnes/bsor

L2006

0.24

0.14
0.10
0.42

L2014

0.51 (0.44)

P2014

0.61 (0.59)

Fig. 3. Rarefaction curves for the four samples. Dashed lines show
95% bootstrap conﬁdence lower and upper limits for the estimated
rarefaction richness.

However, such spatial approaches leave several questions
unanswered: (1) we do not know to which extent temporal
patterns (changes in a pond subjected to drought or drying)
reproduce the observed spatial differences (differences among
ponds with varying hydroperiod) and (2) most of the abovementioned evidences come from studies comparing the
extremes of a drying gradient (permanent versus temporary
water bodies), but scenarios of climate change do not
necessarily involve complete desiccation of lakes in summer.
In such cases, the potential effects on littoral communities may
come from two major alterations: changes in water quality
driven by the low summer volume of the lake, and increased
intra-annual ﬂuctuations in water level. On the one hand, the
reduction in volume and depth in a lake may lead to major
changes in temperature regimes, turbidity, suspended solids,
water chemistry and nutrient concentrations, as well as other
biotic changes like ﬁsh kills, replacement of littoral vegetation,
cyanobacteria blooms (related with an increased temperature)
or increased predation and competition (Nõges and Nõges,

bsor

bsim
bnes
bnes/bor

0.50 (0.47)

0.33 (0.38)
0.17 (0.10)
0.34 (0.21)

1999; Bond et al., 2008; Lake, 2011; Sahuquillo et al., 2012).
On the other hand, an increase in the intensity of water level
ﬂuctuations can become a major stressor for the littoral zone
and could explain by itself differences in community
composition, including macroinvertebrates. This effect has
been demonstrated in both artiﬁcially regulated systems (Furey
et al., 2006; Aroviita and Hämäläinen, 2008) and natural lakes
affected by drought (Wantzen et al., 2008; White et al., 2008).
Modiﬁcation of the natural regime of water-level ﬂuctuations
has traditionally been considered the main stressor and, indeed,
most studies have focused on the effects of desiccation of the
littoral zone and disregarded water quality changes. Nevertheless, the individual effects of both aspects can simultaneously affect macroinvertebrates, as proposed by Gérard et al.
(2008).
Both types of change, in water quality and water-level
ﬂuctuations, might affect littoral communities at La Baña,
although we lack environmental data to conﬁrm the alteration
of the water characteristics in late summer. The composition of
the macroinvertebrate assemblage did not experience essential
modiﬁcations: dominant taxa before and after the beginning of
the drought were to a large extent the same and there was not a
shift toward a fauna typical of temporary waterbodies.
Nevertheless, the analysis of b diversity revealed both a loss
of taxa and taxon turnover in La Baña along time. The
replacement of Limnephilini by Stenophylacini, the apparent
extinction of Erpobdella, Pisidium, Sigara and N. carinatus,
and the presence in 2014 of Ecdyonurus and three genera of
Plecoptera were the most outstanding changes. This result
apparently supported our hypothesis of changes in both
richness and taxonomical composition. However, it is
noteworthy that taxon turnover was mostly due to Ecdyonurus
and the genera of Plecoptera (Chloroperla, Leuctra and
Nemoura), all them four typically (but not exclusively)
rheophilic taxa (Tierno de Figueroa et al., 2003; Bauernfeind
and Soldán, 2012), and very infrequent in mountain lakes of
the region. Their occurrence in La Baña in 2014 might be the
result of accidental inﬂuence from the inﬂowing stream and
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should probably be taken as sampling bias. If the occurrence of
these four taxa was really due to sampling bias, we should
interpret the differences in the assemblage composition
between 2014 and 2005–2006 mostly as a process of taxon
loss with little taxon turnover.
The patterns of response of individual macroinvertebrate
taxa to increased water-level ﬂuctuations or to drought are still
little known and the results are not consistent across studies,
indicating that varying starting conditions or species may lead
to different outcomes. This makes it difﬁcult to explain the
observed shifts in individual taxa. There is some agreement
about the sensitivity of sessile or sedentary organisms to
declining water levels (Lake, 2011), as shown for bivalves
(Balogh et al., 2008; Werner and Rothhaupt, 2008) or
gastropods (Gérard, 2001; Gérard et al., 2008). The absence
of Pisidium in La Baña in the samples collected in 2014 could
therefore be an expected outcome. Nevertheless, generalizations are difﬁcult for most of the taxa. For example, Aroviita
and Hämäläinen (2008), comparing unregulated and regulated
lakes, found a number of taxa within Ephemeroptera,
Coleoptera and Trichoptera to be good indicators of
unregulated lakes, but none typical of regulated ones. In
contrast, Furey et al. (2006) found Ephemeroptera in a
reservoir lake but not in a natural lake. Similarly, species of
beetles, the most diverse insect order in our study, show
varying responses which prevent generalizations. We found a
considerable reduction along time in the number of genera of
Coleoptera in La Baña, in accordance with the observations
made by Aroviita and Hämäläinen (2008) on systems with
different water-level ﬂuctuations. However, many water beetle
species are known to tolerate high water-level ﬂuctuations or
temporary drying, and richness of Coleoptera is in fact typically
high in temporary ponds (Collinson et al., 1995; Bazzanti et al.,
2003; Della Bella et al., 2005; Waterkeyn et al., 2008).
In summary, the interpretation of the patterns observed for
individual taxa is not straightforward. It is very likely that
ﬁnding global patterns comparable across regions require
approaches other than taxonomic composition, whether based
on species traits (Solimini et al., 2005; Céréghino et al., 2012) or
on community measures such as richness. In La Baña, richness
decline was the most evident response to drought, with a
decrease of 29% and 42% in relation to values measured in 2005
and 2006, respectively. When richness was rareﬁed to account
for differences in sampling effort, after-drought (year 2014)
values (but not pre-drought values) were very close to those in a
nearby, temporary pond. In summary, the macroinvertebrate
assemblage at La Baña did not shift toward a fauna typical of
temporary waterbodies but richness did drop to values closer to
those in temporary systems. Changes in richness are common in
spatial studies comparing water bodies with different patterns of
water-level ﬂuctuations (Aroviita and Hämäläinen, 2008) or
hydroperiod (see above), but it remains to be checked if a given
water body suffering from a drought event shows an equivalent
response. A decrease in macroinvertebrate richness will almost
certainly occur when a permanent or semi-permanent lake goes
completely dry, but the outcome might be quite different if the
water body does not dry up (Jeffries, 1994). The results obtained
in La Baña point to macroinvertebrate richness decrease even in
the absence of complete drying, as found by White et al. (2008),
who could relate changes in richness with inter-annual
differences in the intensity of water-level ﬂuctuations.

Our results seem to challenge previous statements made by
Biggs et al. (1994) and Collinson et al. (1995), who considered
that a normally permanent pond could temporarily dry out
without evident consequences on the assemblages. Resistance
and resilience of the community are certainly critical issues
(Brock et al., 2003; Bond et al., 2008; Gérard et al., 2008,
Sulmon et al., 2015). Factors such as the presence of refugia
(Strachan et al., 2014) or the capability of recolonization after
drought (Kim et al., 2014) could be responsible for different
outcomes. On the one hand, some evidences on gastropods
(Gérard et al., 2008) point to a relatively quick recovery of the
assemblage after the drought breaks, but we have very little
information on the role of resilience. On the other hand, the
response of a community will probably increase with
increasing frequency or duration of a perturbation (Fritz and
Dodds, 2004). Therefore, we can expect differences between
the effects of a single, short-term event and the effects of
recurrent drying or long-term droughts. Much of the available
literature come from short-term studies reporting assemblage
characteristics before and immediately after a drought event
sets in. The results obtained in this study can provide us with
some useful information on the effects over longer periods. We
found no relevant differences in richness between 2005 (before
drought) and 2006 (after the ﬁrst year of drought), but
differences turned larger in 2014. Several possible explanations exist. Perhaps, the water-level reduction at the end of the
summer 2005 may have not been high enough to induce
changes in the assemblage. But an alternative explanation in
the light of the resistance concept might be brought up. The
assemblage might have remained unchanged (high resistance
to disturbance) or have recovered (high resilience) in the ﬁrst
stages of the drought (2005–2006), but might be unable to fully
recover after nine years of sustained summer drought. Further
research and data from longer time series would be necessary
to check this hypothesis. This apparent pattern, however, might
be in accordance with the results provided by Jeffries (1994),
who found reduced richness in the invertebrate communities of
ponds after a ﬁve-year drought.
In summary, the results of this study seem to indicate that
climatic change, with a probable increase of the intensity of
summer droughts in many regions, might cause changes in
littoral assemblages from permanent lakes, even if these
droughts do not result in complete drying. The most likely and
immediate effect might be a loss rather than a replacement of
taxa. However, many questions relating the direct drivers of
these changes and the ecological processes involved remain
unsolved, including the roles of resistance and resilience.
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Appendices
Appendix. Species list with abundance data (individuals per minute sampling).
Lake

Oligochaeta
Hirudinea
Gastropoda
Bivalvia

Ephemeroptera

Odonata

Plecoptera

Erpobdella sp.
Lymnaea sp.
Pisidium sp.
Cloeon sp.
Ecdyonurus sp.
Thraulus sp.
Siphlonurus sp.

Pond

2005

2006

2014

20.3
10.8
0.3
32.6

5.8
35

3.6

0.6

0.5

158.2

0.3
125.8

0.6

0.5
0.3
0.8

2014

7.8

1.0

Enallagma sp.
Lestes sp.
Aeshna sp.
Chloroperla sp.
Leuctra sp.
Nemoura sp.

828

1.3
1.3
3.2

Heteroptera

Sigara sp.

Coleoptera

Agabus sp.
Dytiscus sp.
Ilybius meridionalis Aubé, 1837
Laccophilus minutus Linnaeus, 1758
Rhantus (Rhantus) hispanicus Sharp, 1882
Hydroporus vagepictus Fairmaire & Laboulbène, 1855
Hygrotus (Hygrotus) inaequalis (Fabricius, 1777)
Stictonectes epipleuricus (Seidlitz, 1887)
Nebrioporus carinatus (Aubé, 1836)
Stictotarsus duodecimpustulatus (Fabricius, 1792)
Haliplus (Liaphlus) fulvus (Fabricius, 1801)
Haliplus (Haliplus) heydeni Wehncke, 1875
Helophorus (Rhopalohelophorus) ﬂavipes Fabricius, 1792
Helophorus (Rhopalohelophorus) lapponicus Thomson, 1853

7.4

43
24

1.2
36.3
0.9
4.9
0.6
0.6
1.2
3.7

Trichoptera (Limnephilidae)

Limnephilini
Stenophylacini

17.9

Diptera

Ceratopogoninae (Ceratopogonidae)
Chironominae (Chironomidae)
Orthocladiinae (Chironomidae)
Tanypodinae (Chironomidae)
Empididae
Other Diptera
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3

0.3
2
2
0.8
50.3
3.8

0.3

41.5

4

17.5
4
2.8
0.8
0.3

1.0
34

0.5
0.3

4.9

25.9
20.3
14.8
24.6

11
21
16.5
1

0.3
47.0
3.6
2.3

2.5

0.3

7.8

318
50
98
4
1

